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Abstract Consumers contribute to nutrient cycling

in aquatic ecosystems by nutrient retention in tissues,

metabolic transformations and excretion, and promot-

ing microbial processes that remove nutrients (i.e.,

nitrogen (N) loss via denitrification). Freshwater

mussels (Unionidae) form dense assemblages in

rivers, and affect nutrient transformations through

feeding, biodeposition, and bioturbation. However,

the effects of Unionid mussels on N and phosphorus

(P) retention are not commonly measured. We quan-

tified rates of filtration, retention, and biodeposition of

carbon (C), N, and P for two Unionid species:

Lasmigona complanata and Pyganodon grandis. We

used continuous-flow cores with 15N tracers to mea-

sure denitrification in sediments alone and with a

single individual of each species. We conducted

measurements in an urban river near Chicago, IL,

USA that is a target for Unionid restoration. Both

Unionid species showed high rates of P-specific

feeding and retention, but low N-specific rates. This

was in agreement with high N:P ratio in the water

column. Each species significantly increased denitri-

fication relative to sediment alone. 15N tracers sug-

gested direct denitrification of nitrate increased

denitrification, although enhanced coupled nitrifica-

tion–denitrification likely also contributed to denitri-

fication. Finally, denitrification rates with and without

mussels were used to estimate the value of N loss

under different scenarios for mussel restoration at the

river scale. Overall, restored Unionid populations may

enhance P retention in soft tissues and shells and N

loss via denitrification. Ecosystem managers may find

greater support for restoration of Unionid populations

with careful calculations of their ecosystem role in

nutrient retention and removal.
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Introduction

Animals produce ‘hot spots’ and ‘hot moments’ of

biogeochemical cycling by altering nutrient availabil-

ity via feeding, excretion, migration, and death

(Janetski et al. 2009; McIntyre et al. 2008; Small

et al. 2011). In addition, animals can affect micro-

bially-mediated nutrient transformations through their

effects on hydrology, primary production, decompo-

sition, stoichiometry, and redox conditions (Atkinson

et al. 2014; Hall et al. 2003; Levi et al. 2013). The

influence of animals on biogeochemistry can some-

times be quantified following changes to community

composition or species abundance. Invasive species

(Capps and Flecker 2013; Strayer et al. 1999),

extirpation of native taxa (Strayer 2014), and restora-

tion of historically abundant organisms (Kellogg et al.

2013) have revealed consumers’ role in nutrient

cycling.

Denitrification, or the reduction of nitrate (NO3
-)

to di-nitrogen gas (N2), is a major focus of research in

aquatic ecosystems because it is a permanent removal

of bioreactive nitrogen (N). Denitrification requires

organic carbon (C), NO3
-, and anoxia (Groffman et al.

1999), all of which may be affected by animal

consumers. For example, the role of freshwater

bivalves on nutrient cycling has received research

attention, given the high biomass and variable popu-

lation size of both invasive and native taxa (Strayer

2014; Strayer et al. 1999; Vaughn and Hakenkamp

2001). Bivalves may stimulate denitrification via

waste production, enhanced exchange of water

column solutes with sediment microbes, and activity

of gut- and shell biofilms. Feces and pseudofeces (i.e.,

biodeposits) are rich in organic C, organic N, and

ammonium (NH4
?), and biodeposit C may serve as a

substrate for denitrification of water column NO3
-

(Hoellein and Zarnoch 2014) and can enhance sedi-

ment respiration, creating redox conditions needed for

denitrification. In addition, NH4
? can be directly

excreted or mineralized from biodeposits, nitrified and

then denitrified (coupled-nitrification–denitrification).

Infaunal bivalves can also enhance denitrification if

their burrowing and pedal feeding enhances delivery

of water column NO3
- into the sediment for denitri-

fying microbes or alter sediment oxygen profiles

(Turek and Hoellein 2015; Welsh et al. 2014). Finally,

microbes in bivalve guts and shell biofilms conduct

nitrification and denitrification (Heisterkamp et al.

2013; Svenningsen et al. 2012).

Freshwater mussels (Unionidae) are long-lived, and

their dense, multi-species communities historically

constituted the majority of macroinvertebrate biomass

in many North American rivers (Vaughn et al. 2008).

Other bivalve taxa which form dense populations in

freshwaters (e.g., invasive mussels and clams) can

promote N storage, burial, and denitrification. For

example, zebra mussels (Dreissena polymorpha)

enhance coupled nitrification–denitrification (Bruese-

witz et al. 2008) and reduce NO3
- limitation of

denitrification (Bruesewitz et al. 2009). The invasive

Asian clam (Corbicula fluminea) increases nitrifica-

tion (Zhang et al. 2011), denitrification, and NH4
? flux

(Turek and Hoellein 2015). Storage of N and phos-

phorus (P) in Unionid soft tissues and shells can be

major sites of nutrient retention at the river scale

(Atkinson and Vaughn 2015). Unionid consumers are

hypothesized to affect denitrification, but their influ-

ence on denitrification rates and pathways is unknown.

Understanding the nutrient dynamics of Unionid

ecology is critical as they are among the most highly

imperiled taxa in freshwaters (Lydeard et al. 2004). A

detailed assessment of Unionids’ potential to improve

water quality may provide economic incentives for

funding conservation or restoration of these

populations.

Our understanding of the Unionids’ role in N

cycling can benefit from new techniques and perspec-

tives from marine bivalve ecology. For example,

oysters have been extirpated in coastal ecosystems

worldwide (Beck et al. 2011), and restoration of native

oyster reefs is commonplace to recover lost ecosystem

services, including their potential to promote denitri-

fication (Grabowski and Peterson 2007; Kellogg et al.

2014). Thus, interest in oyster conservation and

restoration has supported a major expansion in

research on their role in ecosystem processes (re-

viewed by Kellogg et al. 2014). Results demonstrated

that the influence of oysters on sediment denitrifica-

tion is context-dependent, and varies according to

habitat (Smyth et al. 2015), water chemistry (Hoellein

and Zarnoch 2014), and feeding rates (Hoellein et al.

2015). Like oysters, Unionid mussels have experi-

enced widespread extirpation and extinction, and there

is interest in their conservation and restoration.

Because the role of Unionids in denitrification path-

ways is rarely explored (Benelli et al. 2017), we
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applied the same well-developed analytical tools from

oyster research to measure feeding, biogeochemistry,

(i.e., 15N tracers and continuous-flow chambers), and

ecosystem services (Beseres Pollack et al. 2013) for

Unionid mussels.

Our objectives were to characterize the role

Unionid species play in nutrient retention and removal

in a high-nutrient urban river that is a target for future

Unionid restoration. We measured rates of filtration,

retention, and biodeposition of C, N, and P for two

common Unionid species: Lasmigona complanata

(white heelsplitter) and Pyganodon grandis (giant

floater). We also used continuous-flow cores with 15N

tracers to measure denitrification pathways in sedi-

ments alone and in sediment with a single individual of

each species. We predicted mussels would be a net

sink of nutrients, where tissues and shell biomass

represented amajor standing stock of C, N, and P at the

reach scale (Atkinson and Vaughn 2015). We also

expected that mussels would enhance N2 production

via direct denitrification, where denitrification of

water column NO3
- would be enhanced by either (1)

increased sediment organic matter quality and quan-

tity from biodeposits, and/or (2) increased exchange of

water column nutrients to sediment denitrifiers via

burrowing and bioturbation (Hoellein et al. 2015;

Turek and Hoellein 2015).

Methods

Study site and mussel density

The study was conducted in the East Branch of the

DuPage River at the Hidden Lake Forest Preserve of

DuPage County, just downstream of its confluence

with Lacey Creek (Downers Grove, IL, USA; latitude

41.8280848, longitude -88.0497874). The river at

this site is a third–fourth order stream. The site was

chosen because the mussel population was well

documented by previous Forest Preserve research

(Jessi DeMartini, personal communication). The East

Branch DuPage River is in the Chicago Metropolitan

Region, and land-use in the watershed is primarily

residential (41.4% of watershed land-use), and

includes infrastructure (20.6%), and industry, com-

mercial, and institutional land-use (16.4%). Conser-

vation and open space is 21.6% of the watershed, and

agriculture land-use is 0.44% (DuPage County

Stormwater Management 2015).

We measured physicochemical characteristics and

mussel community composition on June 9, 2014. We

marked transects every 10 m along the 60 m reach,

and measured water depth every 2 m across each

transect. We quantified the stream discharge at 1

location in the reach by measuring the depth and water

velocity at 2 m intervals across a transect. For water

column nutrients, we filtered three stream water

samples with a 60 mL syringe and 0.2 lm nylon

filters (Thermo Scientific, Rockwood, TN, USA) into

acid-washed 20 mL plastic scintillation vials. Nylon

filters were rinsed with several millilitres of sample

water prior to filtering into scintillation vials. Samples

were kept on ice and frozen upon returning to the

laboratory.

We set up 5 9 5 m quadrats at four random

locations in the study reach to quantify mussel

community composition and density. Corners of each

quadrat were marked with rebar and mussels were

collected by slowly crawling through the quadrat

using gloved hands to search the top 10 cm of

sediment. Mussels were gently removed and placed

in a bucket. Each quadrat was searched three times by

two different researchers to ensure complete collec-

tion. We recorded the species and shell height of each

individual. Some were reserved for feeding measure-

ments and continuous-flow cores (see below), all

others were returned to their quadrat of origin.

We collected sediment samples (N = 5) to a depth

of 2.5 cm from each plot using a 2.5 cm diameter

corer. Sediment was frozen at-20 �C until analysis of

ash-free dry mass (AFDM), elemental composition,

and chlorophyll a. Subsamples were dried at 60 �C and

then used for elemental analysis (C,N, P) orwere ashed

at 500 �C and reweighed to determine AFDM. Anal-

yses of C and N were performed on a Series II 2400

CHN Analyzer (Perkin Elmer Life and Analytical

Sciences, Shelton, CT) using acetanilide as a standard.

Sediment P content was determined by sample com-

bustion (500 �C), acid hydrolysis (Aspila et al. 1976),
and then measurement of soluble reactive P colori-

metrically (Murphy and Riley 1962) using a Seal

AQ2? discrete analyzer (Seal Analytical, Inc.,

Mequon, WI). Sediment subsamples from the plots

were also used tomeasure chlorophyll a. Samples were

treated with 90% acetone, sonicated, extracted over-

night at 4 �C, and measured spectrophotometrically
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(Parsons et al. 1984). Sediment from the analysis was

dried at 60 �C and weighed to normalize chlorophyll

a to sediment mass.

Element standing stocks

We calculated standing stock of C, N, and P at the reach

scale for sediment,mussel tissue, andmussel shells.We

first converted sedimentAFDMandmass ofC,N, andP

from volume-based (g mL-1) to area-based units

(g m-2). The continuous-flow cores had 150 mL of

sediment (depth = 5 cm) with a surface area of

0.0045 m2 (see below). We used this volume to area

ratio to convert the relative abundance of each element

in the cores into the mass of each element in the top

5 cm of sediment of the stream reach area. The 5 cm

depth represents the zone of mussel burial and is a

primary zoneof denitrification for streams in this region

(Inwood et al. 2005). We acknowledge this is 2.5 cm

deeper than our sediment collection depth, but assert

minimal differences in sediment composition between

0–2.5 and 2.5–5 cm depth. We scaled the elemental

content within mussels to the stream reach scale using

length measurements from all individual mussels (i.e.,

length-mass regressions), summed for each 5 9 5 m

plot, and averaged per m2 for each taxon in the reach.

Mussel feeding and biodeposition

Mussel feeding measurements were performed with the

‘‘biodeposition method’’ (Bayne 2002; Bayne et al.

1999; Iglesias et al. 1998),where seston inorganicmatter

is considered a conservative tracer and characterization

of seston and mussel biodeposits (i.e., feces and

pseudofeces) allows for quantifying feeding behavior.

A complete description of the feeding method is

described in Hoellein et al. (2015). Briefly, tables with

feeding trays (n = 16) were setup on a path adjacent to

the river. The trays were shaded by the forest canopy

during the feeding trials. A submersible pump (Danner

Supreme(R), Model MD18, Islandia, NY, USA) was

deployed into the river to pump water through each

feeding tray (450 ± 50 mL min-1). A single mussel

was placed in each tray and allowed to feed as indicated

by valve gape and biodeposit production. After each

mussel consistentlyproducedbiodepositswe cleaned the

trays by siphoning, and began timed trials (30–45 min)

by collecting all feces and pseudofeces separately by

pipette without disturbing the mussels. Continuous

collection of biodeposits and tray design minimized

the chance for biodeposits to flow out of the trays before

collection (Bayne 2002; Hoellein et al. 2015). We

completed feeding measurements for 21 mussels

(N = 10 L. complanata and N = 11 P. grandis).

Feces and pseudofeces from each mussel were

filtered separately on previously ashed and weighed

glass fiber filters (GF/F) which were placed in a

47 mm Petri dish and frozen at -20 �C until analysis.

We performed two sequential feeding trials for each

mussel. Filters with biodeposits from the first trial

were dried at 60 �C, weighed, combusted at 450 �C,
and weighed again to determine inorganic and organic

content of the feces and pseudofeces. Biodeposits

from the second trial were dried at 60 �C and used to

measure C, N, P content as described above. Seston

samples (200 mL) were filtered onto previously ashed

and weighed GF/F for elemental analysis (n = 3) and

for measurement of organic and inorganic content.

Analyses performed on each seston filter were similar

to those described for the biodeposits. A filter blank for

the CHN analyzer was created by passing 200 mL of

filtered (0.45 lm) river water through a GF/F.

Measurement of biodeposit mass and elemental

content allowed us to determine total biodeposition

rates (mg h-1) as well as biodeposit (feces and

pseudofeces) specific rates. We combined these mea-

surements and the seston analyses to derive feeding

rates and efficiencies (Bayne 2002; Bayne et al. 1999;

Hoellein et al. 2015). Feeding rates were standardized

to the mean dry mass of each species using their tissue

dry weight and the allometric exponent of b = 0.88

(Kryger and Riisgård 1988). Thus, each feeding rate

represents a standard individual mussel (Baker and

Levinton 2003) for each species in the study reach.

Mussel excretion and nutrient content

A subset of the mussels collected for the feeding trials

were used in excretion measurements (N = 3 L.

complanta and N = 4 P. grandis). Shells were

scrubbed under running DI water and each mussel

was placed individually in beakers containing filtered

(0.45 lm) river water. Each beaker was gently

aerated. We began a timed excretion trial (1.75 h)

when a mussel’s valves were gaping. Excretion rates

were calculated as the difference in NH4
? between

containers with mussels and control containers

(N = 3) without mussels. We note that the small
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sample size for these measurements, attributed to (1)

minimizing impact on the river’s sensitive mussel

populations, and (2) the excretion experiments were

performed concurrently with core incubations (see

below) which required the majority of collected

individuals.

We recorded shell length (longest axis), width, and

depth from all mussels used in feeding and excretion

measurements. The wet weight of each individual

(shell ? tissue) was measured and the tissue and shell

were separated and weighed individually. Tissue and

shell were dried at 60 �C, weighed, and ground into a

powder. Elemental analyses (C, N, P) were performed

for the tissue and shell of each individual as described

above. Elemental content (i.e., total, tissue, shell) for

each species was then calculated at the scale of the

individual (i.e., g individual-1), and for the stream

reach (i.e., g m-2) using the density of each species.

Sediment cores and continuous-flow analyses

To set up continuous-flow cores, we followed the

protocol in Turek and Hoellein (2015; Fig. 1 in that

paper), modified from Gardner and McCarthy (2009).

We collected homogenized sand and small gravel

from the top 5 cm of sediment at the study site. Any

macroinvertebrates, including mussels or clams (Cor-

bicula fluminea) were removed. We also collected 6,

20-L carboys of unfiltered site water. Sediment and

site water were returned to the laboratory within 3 h.

In the laboratory, we placed 150 mL of homogenized

sediment in an acrylic core (30 9 7.6 cm; N = 18

cores). We gently filled each core with 250 mL of

unfiltered site water (*5 cm above the sediment–

water interface). We added a single live L. complanta

or a single P. grandis to 12 of the cores, while the other

six cores had sediment only. A plunger was placed

inside each core which contained a rubber O-ring on

the sides and polyetheretherketone inlet and outlet

tubing (Zeus Inc., Branchburg, NJ, USA). We estab-

lished three treatments in the inflow water (N = 3

cores per treatment): control (no isotope), ?15NH4
?

(?20 lM 15NH4
?-N; 98 atom % 15N), and ?15NO3

-

(?20 lM 15NO3
-N; 98 atom % 15N). As a result, we

had a fully crossed experiment with two factors:

inflow water (control, 15NH4
?, or 15NO3

-) and

mussels (sediment alone, L. complanta, or P. grandis).

We pumped aerated site water through the cores for

24 h (1.1 mL min-1) at room temperature (21 �C).
All cores were incubated in the dark to avoid

formation of bubbles via photosynthesis.

After 24 h, we collected water for measurements of

dissolved nutrients and gases. For nutrients, we filtered

water from each inflow and outflow into 20 mL

scintillation vials (0.2 lm nylon filters, Thermo Sci-

entific, Rockwood, TN, USA; N = 3) and froze vials

until measurement of NH4
?, nitrite (NO2

-), NO3
-,

and soluble reactive phosphorus (SRP). For dissolved

gases, we collected inflow and outflow water into 3,

12 mL exetainers (Labco Ltd., Lampeter, United

Kingdom). Tubes were filled slowly from the bottom

and allowed to overflow for several volumes. We

added 200 lL of 50% zinc chloride (McCarthy et al.

2007) and capped the exetainers while making sure

there were no bubbles in the headspace. Vials were

stored underwater and below room temperature.

Mussel feeding was observed in all individuals during

continuous-flow measurements, and no mussels died.

Due to equipment limitation, we ran 12 cores imme-

diately after collection in the field, and the last six

cores immediately after the first 12 were completed.

To minimize any effect of the 24 h delay on the final

six cores, we had one core of each water and sediment

combination on day 2.We sampled after 24 h based on

previous studies using identical equipment (Bruese-

witz et al. 2013; Hoellein et al. 2015; McCarthy and

Gardner 2003), but we note that steady state conditions

were not directly measured after 24 h. After water

collection, we dismantled the cores and collected the

Fig. 1 Standing stock of (a) carbon, (b) nitrogen, and

(c) phosphorus at the stream reach scale for sediment, tissue,

and shell content of L. complanata and P. grandis
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top 2–3 cm of sediment from each. Sediment and

mussels were frozen for elemental analyses and

AFDM as described above.

Dissolved inorganic nutrients were measured on an

Autoanalyzer III (Seal Analytical, Inc., Mequon, WI)

using the phenol hypochlorite technique for NH4
?

(Solorzano 1969), the antimonyl tartrate method for

SRP (Murphy and Riley 1962), and the sulfanilimide

method for NO2
- (without cadmium reduction) and

NO2
- ? NO3

- (with cadmium reduction) (APHA

1998). Dissolved gases were measured using mem-

brane inlet mass spectrometry (MIMS; Bay Instru-

ments, Easton, MD, USA; Kana et al. 1998). The mass

spectrometer measured 28N2,
29N2,

30N2,
32O2, and

40Ar abundance. Standards were water, maintained at

constant temperature, equilibrated to the atmosphere

for 24 h prior to measurement (Lab Egg RW11 Basic,

IKA Works, Inc., Wilmington, NC, USA). We

corrected for instrument drift with standard checks

every 10 samples. When N2 is present, the MIMS’s

quadrupole mass spectrometer can produce O? which

forms nitric oxide (NO) that can affect 28N2 and
30N2

results (Eyre et al. 2002; Kana and Weiss 2004).

However, no mass 30 production (which would

indicate nitric oxide) was detected in cores without

?15N, so we assume the effect is negligible (McCarthy

et al. 2008). Finally, we note N2 produced via

anammox is not distinguishable from denitrification

using this method, and that N2 flux does not account

for incomplete denitrification to nitrous oxide. In

flowing waters, annamox and nitrous oxide production

are minor gas fluxes relative to denitrification

(Beaulieu et al. 2011).

Fluxes of nutrients and gases were calculated as the

difference in concentration from the outflow and

inflow, accounting for pump flow rate and core surface

area, to generate flux in units of lg element m-2 h-1.

A positive value indicates net production or flux out of

the sediment and net retention is a negative value. For

all rates, we calculated flux for each core using three

analytical replicates, and the three replicate cores were

the experimental units for each treatment (Bruesewitz

et al. 2013; Gardner and McCarthy 2009). Flux

detection limits were set at the rate at which SE did

not overlap with zero (after Gardner and McCarthy

2009). We used control cores (no added 15N) to report

denitrification and respiration rates. We used calcula-

tions reported in An et al. (2001) for simultaneous

N-fixation and denitrification in ?15NO3
- cores,

although we measured no N-fixation in any cores.

Potential denitrification was the total 28N2,
29N2,

30N2

production with added 15NO3
-. The 29N2 ?

30N2

produced with added 15NO3
- was an index of direct

denitrification of NO3
-, the 29N2 ?

30N2 produced

with added 15NH4
? was an index of coupled nitrifi-

cation–denitrification (Hoellein et al. 2015).

We calculated potential dissimilatory NO3
- reduc-

tion to 15NH4
? (DNRA) frommeasured 15N:14N ratios

in the NH4
? from cores that were amended with

15NO3
-. Ratios of 15N:14N were measured using time-

of-flight mass spectrometry and NH4
? complexed

with indophenol to increase the mass of the N. We

used calculations as detailed in Bruesewitz et al.

(2015) which incorporate the isotopic ratios and

concentrations of each solute in inflow and outflow

water. The DNRA rate is a potential value because of

the elevated NO3
- concentrations from the 15N

amendment, but are also considered conservative

because we did not measure pore-water NH4
? or loss

of 15NH4
? from cation exchange (Bruesewitz et al.

2013; Gardner et al. 2009).

Statistical analyses

We used a 2-way ANOVA to quantify the influence of

inflow water (control, 15NH4
?, 15NO3

-) and mussel

treatment (sediment alone, L. complanata, and P.

grandis) on sediment characteristics and fluxes of

inorganic nutrients and gases. We used Tukey’s

multiple comparison test following a significant effect

of water or mussel treatment. If there was a significant

water x mussel interaction, we used a 1-way ANOVA

for each mussel treatment individually, with a Bon-

feronni-correction to adjust the p value for multiple

comparisons (i.e., 0.05/3 = 0.017) (Zar 1999).

Results

The study site had high nutrients and conductivity

typical of urban streams (Table 1). Seston particulate

matter and sediment organic content was 58.7 mg L-1

and 5.2%, respectively, and water column chlorophyll

a was 27 lg L-1, suggesting food availability for

mussels was high. Daytime DO concentration was

elevated (119% saturation), likely reflecting primary

production in the study reach and in the upstream

wetlands and impoundments (Table 1).
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Mussel density, standing stock, feeding,

and biodeposition

Mussel surveys showed the reach was dominated by

two species, where L. complanata density was three

times greater than P. grandis (Table 2). The only other

species found was two individuals of Utterbackia

imbecillis (paper pondshell). On an individual basis, P.

grandis biomass was higher than L. complanata, but P.

grandis had less biomass at the reach scale given its

lower density (Table 2). Tissue and shell C, N, and P

content were generally higher for the larger individ-

uals of P. grandis, but L. complanata showed greater

standing stocks of elements at the reach scale due to

higher density (Table 2). One exception to this pattern

was tissue P abundance at the reach scale, which was

higher in P. grandis than L. complanata (0.043 g m-2

and 0.010 g m-2, respectively). For both taxa, P was

greater in the tissue than shell (Table 2).

We compared standing stock of C, N, and P at the

reach scale in mussel tissue and shells with sediment

values (Fig. 1). The total C standing stock in the reach

was 41.2 g C m-2, with the largest pool in the

sediment (25 g C m-2; 63% of total) and the next

largest in L. complanata shells (9.8 g C m-2; 28% of

total; Fig. 1a). In contrast, sediment accounted for

only 24% of total N standing stock and 29% of total P

standing stock. The total N standing stock was

1.78 g N m-2, with the majority in L. complanata

tissue (0.48 g N m-2) and shells (0.48 g N m-2; 54%

of total N in tissue ? shells). P. grandis tis-

sue ? shells accounted for 22% of N standing stock

(Fig. 1b). In contrast to high N standing stocks in L.

complanata, P. grandis accounted for the largest P

pool. The total P standing stock was 0.118 g P m-2,

with P. grandis tissue at 36% of the total (Fig. 1c).

Feeding and biodeposition rates (Table 3) were

generally greater for P. grandis than L. complanata

Table 1 Mean (SE) values for water column nutrients,

chlorophyll a (chl a), and seston characteristics

Metric Mean (SE)

Width (m) 24.7 (3.5)

Depth (cm) 26.3 (0.8)

Discharge (L s-1) 923.6

Sp. cond. (lS cm-1) 1380

Temperature (�C) 23.4

DO (mg L-1) 9.92

DO (%) 119.4

Chl a (lg L-1) 26.5 (4.0)

Seston (mg L-1) 58.7 (16.1)

Seston (% organic) 19.4 (1.8)

Seston C:N (molar) 14.2 (0.1)

Seston N:P (molar) 46.6 (18.8)

Sediment (% organic) 5.15 (1.14)

SRP (lg P L-1) 483 (21)

NH4
? (lg N L-1) 136 (1)

NO2
- (lg N L-1) 70 (3)

NO3
- (lg N L-1) 12,269 (541)

DIN: SRP (molar) 57.1

DO dissolved oxygen, SRP soluble reactive phosphorus,

NH4
? ammonium, NO2

- nitrite, NO3
- nitrate

Table 2 Mean (SE)

number, dry mass (DM),

carbon (C), nitrogen (N),

and phosphorus (P) for

individual mussels (ind-1)

of two species, and for

mussels scaled to stream

density (m-2)

By individual mussel (ind-1) By stream area (m-2)

L. complanata P. grandis L. complanata P. grandis

Number 10 17 0.96 (0.27) 0.27 (0.03)

Tissue

DM (g) 2.72 (0.26) 6.10 (0.45) 5.75 (1.84) 2.12 (0.26)

C (g) 1.22 (0.12) 2.45 (0.17) 2.61 (0.84) 0.87 (0.11)

N (g) 0.23 (0.02) 0.43 (0.04) 0.48 (0.15) 0.16 (0.02)

P (g) 0.005 (\0.001) 0.007 (0.001) 0.010 (0.003) 0.043 (0.006)

Shell

DM (g) 29.18 (3.49) 44.46 (4.34) 70.78 (22.99) 17.84 (2.47)

C (g) 4.24 (0.60) 6.55 (0.67) 9.81 (3.19) 2.64 (0.37)

N (g) 0.21 (0.03) 0.62 (0.11) 0.48 (0.16) 0.24 (0.03)

P (g) 0.001 (\0.001) 0.002 (\0.001) 0.002 (0.001) 0.001 (\0.001)
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due to its larger size. An exception to this was N

biodeposition rate, which showed individuals of L.

complanata released 1.82 mg stnd-1 h-1 and P.

grandis released 0.72 mg stnd-1 h-1. Ammonium

excretion was similar between species 10–10.8 mg N

gDM-1 h-1 (Table 3). Particle rejection rates were

71–72%, and selection efficiencies were low and

variable among individuals. The organic content of the

ingested matter was similar to the seston (Table 3),

also indicating no selection (i.e. enrichment) of

organic matter for ingestion. Many of the N-specific

feeding rates were negative (i.e., biodeposit

N[ seston N), indicating no selection or absorption

of N. The P-specific selection efficiency was negative,

which corroborates with low particle selection. How-

ever, rates of P ingestion and absorption show both

species preferentially ingest P (as compared to N),

with highly efficient P absorption (94–95%; Table 3).

Mussel effects on sediment composition and fluxes

of nutrients and gases

Despite relatively high rates of biodeposition, mussels

had no effect on sediment organic matter quantity or

Table 3 Mean (±SE) values for mussel biodeposition of carbon (C), nitrogen (N), and phosphorous (P), feeding behaviors, as well

as ammonium (NH4
?) excretion for Unionid mussel species in the East Brach of the DuPage River

Mussel feeding and biodeposition L. complanata P. grandis

Total biodeposition rate (mg stnd-1 h-1) 59.48 (19.64) 128.05 (36.59)

C biodeposition rate (mg stnd-1 h-1) 5.99 (2.51) 10.41 (3.17)

N biodeposition rate (mg stnd-1 h-1) 1.82 (0.43) 0.72 (0.22)

P biodeposition rate (mg stnd-1 h-1) 0.012 (0.005) 0.040 (0.010)

NH4
? excretion (mg N gDM-1 h-1) 10.8 (1.3) 10.0 (1.0)

Feeding

Clearance rate (L stnd-1 h-1) 1.83 (0.55) 3.72 (0.77)

Filtration rate (mg stnd-1 h-1) 56 (16) 114.15 (23.6)

Rejection rate (%) 72.36 (4.43) 71.43 (7.46)

Selection efficiency (fraction) 0.007 (0.006) 0.19 (0.07)

Ingestion rate (mg stnd-1 h-1) 4.12 (1.45) 8.02 (1.35)

Organic ingested matter (fraction) 0.21 (0.05) 0.23 (0.05)

Absorption rate (mg stnd-1 h-1) 0.12 (0.11) 3.11 (1.05)

Absorption efficiency (fraction) 0.2 (0.12) 0.32 (0.1)

N-specific feeding

N filtration rate (mg stnd-1 h-1) 0.12 (0.04) 0.25 (0.05)

Pseudofeces N production (mg stnd-1 h-1) 0.23 (0.05) 0.54 (0.14)

N selection efficiency (fraction) neg neg

N ingestion rate (mg stnd-1 h-1) neg neg

N absorption rate (mg stnd-1 h-1) neg neg

N absorption efficiency (mg stnd-1 h-1) neg neg

P-specific feeding

P filtration rate (mg stnd-1 h-1) 0.009 (0.003) 0.023 (0.005)

Pseudofeces P production (mg stnd-1 h-1) 6.45 9 10-8 (2.14 9 10-8) 6.05 9 10-8 (8.78 9 10-9)

P selection efficiency (fraction) neg neg

P ingestion rate (mg stnd-1 h-1) 0.013 (0.004) 0.023 (0.005)

P absorption rate (mg stnd-1 h-1) 0.015 (0.004) 0.022 (0.005)

P absorption efficiency (mg stnd-1 h-1) 0.95 (0.008) 0.94 (0.012)

For all feeding metrics, N = 10 L. complanata and N = 10 P. grandis (except NH4
? excretion, where N = 3 L. complanata and

N = 4 P. grandis)

neg = when biodeposit N or P[ seston
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quality in the continuous-flow cores (Table 4). The

relative abundance of sediment C, N, P, and the ratios

of C:N and N:P were not affected by mussels.

However, mussels showed a significant interaction

with isotope enrichment for sediment N composition

and N:P ratio (2-way ANOVA p = 0.044 and

p = 0.006, respectively; Table 4). The water column
15N addition did not affect sediment characteristics.

The effect of mussels and isotope enrichment were

different for the flux of each nutrient (Table 4).

Neither factor affected SRP flux, which was consis-

tently directed out of the sediment (Fig. 2a). Flux of

NO2
-was also generally directed out of sediment, and

was highest for P. grandis relative to L. complanata

and sediment alone (2-way ANOVA p = 0.001;

Fig. 2b). Ammonium efflux was also highest with P.

grandis, intermediate in the L. complanata, and

showed net uptake in sediment alone (2-way ANOVA

p\ 0.001). Ammonium efflux increased with addi-

tion of 15NO3
- relative to 15NH4

? and control (2-way

ANOVA p = 0.037; Fig. 2c). Finally, NO3
- flux

always showed net uptake, was lower in sediment

alone relative to P. grandis (2-way ANOVA

p = 0.025), and was highest with addition of
15NO3

- relative to 15NH4
? and control (2-way

ANOVA p = 0.048; Table 4; Fig. 2d).

Gas fluxes were affected by both mussels and

additions of 15N to the inflow water (Table 4; Fig. 3).

Aerobic respiration was higher in both mussel treat-

ments compared to sediment alone (2-way ANOVA

p\ 0.001), and not affected by addition of 15N (2-way

ANOVA p = 0.130; Fig. 3a). Mean (±SE) O2 con-

centration in outflows was 232 (7) lM O2 with

sediment alone, 132 (40) lM O2 with L. complanata,

and 93 (54) lM O2 with P. grandis, within the range

from studies with live bivalves (Kellogg et al. 2013;

Turek and Hoellein 2015). Denitrification was also

greater with mussels present than sediment alone (2-

way ANOVA p\ 0.001), and highest with addition of
15NO3

- (2-way ANOVA p = 0.031; Table 4;

Table 4 F-ratio and p values for 2-way analysis of variance

(ANOVA) by mussel treatment (sediment alone, L. com-

planata, and P. grandis) and inflow water treatment (no 15N,

?15N-ammonium, and ?15N-nitrate; N = 3 for each mussel

and inflow water combination) for sediment characteristics,

solute fluxes, and gas fluxes

Sediment Mussel Water Interaction

F p value F p value F p value

Organic matter (%) 1.585 0.234 0.874 0.435 1.163 0.362

C (%) 1.323 0.291 2.345 0.124 0.638 0.642

N (%) 3.292 0.060 0.875 0.434 3.042 0.044

P (%) 0.056 0.946 1.647 0.226 0.489 0.744

C:N (molar) 1.973 0.168 0.302 0.743 1.352 0.290

N:P (molar) 1.996 0.168 1.417 0.271 5.317 0.006

Chl a (lg cm-3) 1.691 0.212 0.140 0.870 1.580 0.223

Solute flux (lg N or P m-2 h-1)

SRP 0.446 0.647 0.335 0.720 0.110 0.977

NH4
? 24.130 <0.001 3.975 0.037 0.937 0.465

NO2
- 9.746 0.001 2.440 0.115 1.083 0.394

NO3
- 4.571 0.025 3.598 0.048 1.029 0.419

DNRA 3.963 0.080 – – – –

Gas flux (lg N or O2 m
-2 h-1)

Respiration 70.007 <0.001 2.286 0.130 2.123 0.120

Denitrification 14.435 <0.001 4.244 0.031 2.114 0.121
15N denitrification 43.431 <0.001 18.475 <0.001 3.325 0.033

Bold values are significant at p B 0.050. F-ratio and p values for DNRA and nitrification are from 1-way ANOVA

C carbon, N nitrogen, P phosphorus, chl a chlorophyll a, SRP soluble reactive phosphorus, NH4
? ammonium, NO2

- nitrite,

NO3
- nitrate, DNRA dissimilatory nitrate reduction to ammonium
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Fig. 3b). Finally, there was a significant interaction

between type of inflow water and the mussel treatment

for production of 15N2 (2-way ANOVA p = 0.003), so

each treatment was analyzed individually (Table 4).

With sediment alone, there was no difference in 15N2

production with added nutrients, and rates were low.

For cores with L. complanata, 15N2 production was

lowest when no 15Nwas added, higher with addition of
15NH4

?, and highest with 15NO3
- addition. Results

for P. grandis showed the same pattern, except there

was only a significant increase of 15N2 production with

added 15NO3
-, and not with added 15NH4

? (Fig. 3c).

Mussels had no effect on DNRA (ANOVA

p = 0.080; Table 4), although there was a trend of

higher rates with P. grandis (mean ± SE =

1050 ± 391 lg N m-2 h-1) and L. complanata

(585 ± 191 lg N m-2 h-1) relative to sediment alone

(46 ± 46 lg N m-2 h-1). DNRA was measured in

the ?15NO3
- cores, so we compared the relative rates

of DNRA and denitrification in that treatment only.

The amount of N converted to NH4
? via DNRA

averaged 2% of denitrification with sediment alone,

12% with L. complanata cores, and 8% with P.

grandis.

Effect of mussels on fluxes at the reach scale

We scaled all DIN fluxes to the stream reach using

mussel density measurements to compare the net

recycling of N relative to net uptake of N or loss via

Fig. 2 Mean (±SE) rates of nutrient fluxes with sediment

alone, sediment ? L. complanata, or sediment ? P. grandis in

the continuous-flow cores, and inflow water amended with no

isotopes (control), 15N-ammonium (NH4
?), or 15N-nitrate

(NO3
-; N = 3 per mean). Fluxes are (a) soluble reactive

phosphorus (SRP), (b), nitrite (NO2
-), (c) NH4

?, or (d) NO3
-.

Small letters indicate significant differences among mussel

treatments shown by Tukey’s post hoc test following a

significant effect of mussels in a 2-way ANOVA
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denitrification, with and without mussels present

(Fig. 4). With no mussels, sediments were a net sink

of DIN, with the majority in the form of NO3
- uptake

(2.1 mg N m-2 h-1), followed by denitrification

(0.40 mg N m-2 h-1), with low rates of NH4
? uptake

(0.09 mg N m-2 h-1) and NO2
- uptake

(0.001 mg N m-2 h-1; Fig. 4). The major changes

to DIN fluxes with mussels were net effluxes of NH4
?,

NO2
-, and biodeposit-N, while production of N2

increased, and a relatively small mass of N was filtered

bymussels (Fig. 4). Because NO3
- uptake was largely

the same across treatments, mussels increased deni-

trification efficiency (i.e., N2 production relative to

NO3
- uptake) from 18.6% with no mussels to 130%

with L. complanata and 122% with P. grandis.

Discussion

Mussel standing stock and feeding influence N

and P dynamics

Consistent with our hypothesis, mussel tissue and shell

represented significant pools of N and P at the reach

scale. The relative importance of tissues as long-term

sinks varies with the lifespan, life history, density, and

persistence of spent shells (Atkinson et al. 2016; Vanni

et al. 2013). Both P. grandis and L. complanta have

Fig. 3 Mean (±SE) rates of gas fluxes with sediment alone,

sediment ? L. complanata, or sediment ? P. grandis in the

continuous-flow cores, and inflow water amended with no

isotopes (control), 15N-ammonium (NH4
?), or 15N-nitrate

(NO3
-; N = 3 per mean). Fluxes are (a) respiration, (b) deni-

trification, and (c) denitrification of15N-labled dinitrogen gas

(N2). Small letters in (a) and (b) indicate differences in

respiration and denitrification among mussel treatments. Small

letters in (c) indicate differences in 15N denitrification among

water treatments for L. complanata and P. grandis treatments

individually, as shown by Tukey’s post hoc test following a

significant mussel x water interaction effect in a 2-way ANOVA

Fig. 4 Microbial- and mussel-mediated fluxes of nitrogen

(N) at the stream reach scale for sediment alone, L. com-

planata ? sediment, P. grandis ? sediment, and both mussel

taxa ? sediment (sum). Uptake of N, mussel N filtration, and

loss via denitrification are shown as negative values, and

recycling of N into other biologically active forms are shown as

positive values (e.g., biodeposition). NH4
? ammonium,

NO2
- nitrite, NO3

- nitrate
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opportunistic life history, with rapid growth, early

sexual maturity, and lifespans of 11–19 years (An-

thony et al. 2001; Haag 2012). Shells of dead

individuals decay according to a variety of intrinsic

(i.e., chemical structure) and extrinsic factors (e.g.,

pH). Among the latter, water velocity and calcium

carbonate are critical (Strayer and Malcom 2007). Our

study site has relatively slowmoving flow and water in

this region is typically alkaline so shells may be long-

lasting. Thus, Unionid tissues and shell are potentially

significant and overlooked nutrient sinks in this urban

river.

Feeding and biodeposition results showed distinct

patterns for N and P, which may reflect the generally

high DIN:SRP ratio of water column concentrations,

and are consistent with previous stoichiometric anal-

yses on Unionidae (Christian et al. 2008). Both mussel

species had tissue C:N ratios consistent with the

Redfield ratio (i.e., 6.6). However, N was greater in the

feces and pseudofeces than in the seston, resulting in

negative N-specific feeding rates and suggesting

N-replete conditions in the tissue. In contrast, both

taxa had very low P content and the tissue and seston

N:P ratios were well above the Redfield ratio. The

mussels seemed to respond to this condition by

modifying post-ingestion processes, particularly

through high P absorption relative to P ingestion

(i.e., absorption efficiency *95%). An alternative

feeding mechanism that could have enhanced P

acquisition is the selection of P-rich particles for

ingestion, but mussels did not show any particle

selection. Christian et al. (2008) suggested N or P

limitation in mussels would be evident from lowN and

P in biodeposits. In our study, the water chemistry,

seston, mussel N and P content, and nutrient-specific

feeding and biodeposition rates all suggest mussels

were N-replete and P-limited, and thus biodeposits

were high in N and low in P. These data suggest that

mussel feeding could enhance overall P retention, an

important component of nutrient management in this

urban watershed. Human activities are increasing

available N relative to P in freshwaters globally

(Beusen et al. 2016). Studies like the present work

contribute to our collective understanding of how the

stoichiometry of eutrophic waters may affect species

targeted for restoration in nutrient-enriched

ecosystems.

Our study represents the first application of the

biodeposition method for measuring feeding rates in

freshwater mussels, but we have confidence in the

results given similarities to other well-studied marine

bivalves using the same method (Bayne 2002; Gali-

many et al. 2013; Hoellein et al. 2015). Overall, there

are few measurements of feeding behaviors of fresh-

water mussels, so these data make a significant

contribution to the field. Previous estimates of Unionid

clearance rates are variable, with some lower than our

results at \0.1 l h-1 gDW-1 (Cahoon and Owen

1996; Spooner and Vaughn 2008) and others similar

(Baker and Levinton 2003; Kryger and Riisgård

1988). Variation in clearance rates among studies

may be attributed to measurement method, food

quality and quantity, and life history. In addition,

some Unionid species may use a mixture of suspen-

sion and deposit feeding, so seston-based clearance

rates may not offer a complete view of in situ feeding

activity for some taxa. For example, Raikow and

Hamilton (2001) showed deposit material can account

for 80% of Unionids’ diet in a Michigan stream. Given

the importance of Unionid feeding to the ecosystem

services of biofiltration and nutrient cycling (Vaughn

et al. 2015), additional studies that integrate

approaches, such as the biodeposition method and

stable isotopes, are needed to further understand

Unionid contributions to nutrient retention and ecosys-

tem services, and thereby inform mussel conservation

efforts.

Net fluxes of NH4
? and NO3

- by mussels suggest

they have a major role in providing DIN for benthic N

demand, despite high water column DIN concentra-

tions. The net NH4
? flux with mussels present

(L. complanta = 1621 lg N m-2 h-1, P. grandis =

3950 lg N m-2 h-1) was much greater than net NH4
?

uptake in sediments without mussels (90 lg N m-2 -

h-1), and in the same range as rates of net NO3
- uptake

(2156–5650 lg N m-2 h-1). The NH4
? in mussel

cores can originate from NH4
? excretion, biodeposits,

sediment mineralization, desorption, and DNRA. Other

studies measuring DIN flux from live bivalves in cores

have shown significant effluxes of NH4
? including

measurements with oysters (Smyth et al. 2013) and

clams (Turek and Hoellein 2015), at rates higher than

net benthic uptake of NH4
? and NO3

-. In addition,

Atkinson et al. (2014) fed 15N-labeled food to Unionid

mussels and found that mussel-derived N supplied 40%

of total N demand and up to 74%ofN in the stream food

web. Similar patterns have been documented for other

consumers (e.g., amphibians and macroinvertebrates)
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which made significant contributions to overall stream

DIN demand (Benstead et al. 2010; Griffiths and Hill

2014; Keitzer and Goforth 2013).

It is often assumed that consumers have the

strongest influence on nutrient dynamics under con-

ditions where ecosystem processes are nutrient limited

(Capps and Flecker 2013; Small et al. 2011; Vanni

2002), therefore high nutrient concentrations in

eutrophic habitats would override the importance of

consumers (but see Vanni et al. 2006). However, this

may not be true in eutrophic streams, which have

relatively low water volume to surface area compared

to other habitats such as large rivers, lakes, and coastal

ecosystems. In addition, while eutrophication reduces

species richness in streams, those taxa tolerant of

eutrophic conditions can be present in very high

densities (Walsh et al. 2005), such as Chironomidae

(midges), aquatic crustaceans (Gammaridae and Asel-

lidae), and bivalves including C. fluminea. For exam-

ple, density of C. fluminea in the eutrophic North

Branch of the Chicago River was 1514 individuals

m-2, and clams at that site increased denitrification to

a greater degree than clams in a low nutrient stream

(Turek and Hoellein 2015). Similarly, both Unionid

species in this study are considered generalists which

are tolerant of eutrophic conditions and widespread in

the upper Midwestern US (Haag 2012). Given their

high density and tolerance to poor water quality, the

role of consumers on nutrient dynamics in eutrophic

streams may be overlooked, and greater scrutiny of

their capacity to remove excess nutrients from aquatic

environments is warranted.

Mussel effect on N2 fluxes and pathways

Our results clearly showed mussels significantly

increased denitrification rates, with the most likely

explanation being an increase in NO3
- movement

from the water column to sediment. Primary controls

on denitrification include redox conditions, organic

matter, and NO3
- (Groffman et al. 1999). We can rule

out differences in sediment redox state as an expla-

nation using the patterns in sediment respiration

(Fig. 2). Mussels increased respiration (i.e., consumed

oxygen) relative to sediment alone, but the patterns

were identical for both species and for all water

column treatments. In contrast, denitrification was

significantly higher with P. grandis compared to L.

complanata, and was higher across all treatments with

added 15NO3
-. In addition, we can exclude differences

in organic matter quantity and quality as an explana-

tion for increased denitrification as there were no

differences among cores with sediments and mussels,

or among water column treatments (Table 4). Thus,

changes in NO3
- concentration or movement are the

most likely explanation for denitrification results. The

NO3
- used for denitrification can originate via nitri-

fication or the water column. While we did not

measure nitrification directly, we note that denitrifi-

cation represented 19% of NO3
- uptake in sediment

alone and 122–130% of NO3
- uptake with Unionids

added. Thus, some portion of N2 production was likely

subsidized from nitrification. While some denitrifica-

tion can occur in bivalve guts and shell biofilms

(Svenningsen et al. 2012), we assumed this to be minor

relative to sediment fluxes. Overall, we conclude that

mussel movement, including filtration and burrowing,

enhanced the delivery of water column NO3
- to

sediment microbes, which was the primary mecha-

nism for increased denitrification rates. The relative

effect of Unionids on coupled nitrification–denitrifi-

cation is unknown, possibly important, and should be

included in future studies.

Other infaunal bivalves increase denitrification

more than sediment alone, but patterns vary depending

on environmental conditions. Using identical contin-

uous-flow cores as this study, Turek and Hoellein

(2015) found higher net N2 flux and denitrification

efficiency in sediment cores with live C. fluminea

relative to sediment alone or sediment that had been

exposed to C. fluminea in an urban river. The effect of

C. fluminea was greater in a high nutrient stream

relative to a low-nutrient stream, as more NO3
- was

available in the former. In a similar fashion, the

burrowing cockle Austrovenus stutchbury increased

denitrification potential in a shallow marine environ-

ment, most likely through bioturbation which pro-

moted coupled nitrification–denitrification of N from

excreted NH4
? (Jones et al. 2011). However, the

relative effect of A. stutchbury was limited in organic-

rich sediments which were less likely to show C- and

N-limitation of denitrification potential. Finally, the

Unoinid Sinanodonta woodiana, invasive in Europe,

increased flux of NH4
?, N2, and methane in sediments

from a stream in Italy, which the authors suggested

had important implications for biogeochemistry at the

reach scale (Benelli et al. 2017).
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The role of hydrology on dispersal of biodeposits

from bivalves may also drive their capacity to deliver

C and N to sediment denitrifiers. In lentic habitats,

biodeposits may sink directly within the bivalve

colonies, where nutrients can be concentrated in

sediments. For example, Bruesewitz et al.

(2006, 2009) showed zebra mussels (D. polymorpha;

an epifaunal mussel) reduced NO3
- limitation of

denitrification, likely via nitrification of biodeposits in

lentic habitats. However, biodeposits from bivalves in

flowing-water ecosystems may be dispersed by cur-

rents to downstream habitats (Atkinson et al. 2014).

This relative importance of bioturbation and biode-

posits for increased denitrification rates with bivalves

has not yet been tested empirically, but is a promising

approach for research syntheses across taxa and

ecosystems.

Relative role of DNRA in N cycling

Simultaneous comparisons of DNRA to other N

transformation rates are useful to determine whether

stream sediments recycle N (via DNRA) or remove N

(via denitrification), from the context of dissimilatory

NO3
- cycling. Research on relative importance of

DNRA in the N cycling of streams has focused on

hyporheic sediments, fermentive processes, and activ-

ity of sulfur (S) oxidizing, chemolithoautotrophic

bacteria (Burgin and Hamilton 2008; Storey et al.

2004). Comparing DNRA to net NO3
- uptake from

the ?15NO3
- cores in this study suggest relatively

little NO3
- is used for DNRA, with mean (±SE)

estimates of 0.2 (0.2)% (sediment alone), 4.9 (2.9)%

(L. complanata), and 5.3 (2.3) % (P. grandis). We also

compared the rates of DNRA to denitrification (as

percentage) in the 15NO3
- cores, where DNRA

represented a mean of 2.4–12.4% of denitrification.

Overall, we conclude that DNRAwas relatively minor

component of net NO3
- uptake, DNRA tended to be

higher with mussel presence (but not significantly so),

and rates of DNRA are much lower than denitrifica-

tion. We note these measurements were conducted

with cores composed of previously homogenized

riverine sediment with added 15NO3
-, which may

obscure natural gradients of N, S, and C compounds

and favor denitrification over DNRA (Morkved et al.

2005). Also, we did not measure S solutes, but some S

species were likely present given the proximity to

upstream impoundments and wetlands. Understanding

the role of DNRA in streams would benefit from

assessment of microbial communities and gene abun-

dances for each metabolic pathway (Burgin and

Hamilton 2008; Lindemann et al. 2016).

Ecosystem services: value of mussel-enhanced

denitrification

We followed the calculations from Beseres-Pollack

et al. (2013), which are based on oysters’ role in N

retention, to estimate the economic value of N loss via

Unionid-enhanced denitrification. First, we estimated

the mass of N loss per area (kg N m-2) for the entire

East Branch of the DuPage River assuming length of

41.9 km and mean width of 15 m (benthic

area = 628,500 m2). We used mean denitrification

values for sediment, L. complanata and P. grandis,

along with density (No. m-2) to calculate N loss. For

example, multiplying the denitrification rate with L.

complanata alone by density and river area gives the

daily mass of L. complanata mediated-denitrification

at the river scale:

0:0897 g N m�2d�1 � 0:97 m�2 � 628;500 m2

¼ 56 kg N d�1

Beseres-Pollack et al. (2013) showed the Black

River wastewater treatment plant (WWTP) in Mary-

land removes 15,260 kg N d-1 while treating 180

million gal d-1 of wastewater. We calculated the

equivalent volume for a WWTP with the capacity to

remove the same amount of N as L. complanata-

enhanced denitrification using the proportion:

15;260 kg N d�1=180 million gal d�1

¼ 56 kg N d�1=x million gal d�1

where solving for x indicates 0.67 million gal d-1.

Beseres-Pollack et al. (2013) reported the capital cost

of the WWTP is $2,975,631 for each million gal d-1

capacity. We calculated the cost of a WWTP to treat

the same amount of N lost via L. complanata-

mediated denitrification as:

0:67 million gal d�1

� $2; 975; 361 per million gal d�1

¼ $1; 979; 652

Beseres-Pollack et al. (2013) converted this value

to an annual cost by estimating the WWTP life span at

15 years (straight-line depreciation with no scrap
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value) with 2% maintenance and operation costs per

year. Calculated for L. complanata-mediated N loss:

$1; 979; 652=15 yð Þ þ $1; 979; 652 � 0:02ð Þ
¼ $171; 562 y�1

We repeated all calculations for the value of P.

grandis-mediated denitrification ($95,077) and deni-

trification by sediment alone ($18,078). Together, the

two Unionid taxa could yield a maximum potential of

contributing to $266,638 of N loss per year via

denitrification in the East Branch DuPage River.

This estimation has four critical assumptions that

require further explanation to interpret results: (1) the

value for mussel-mediated denitrification is the same

over the course of the year (our measurements reflect

only a single date in June), (2) mussel density is the

same at the scale of the entire river as we measured at

the study site, (3) effects of mixed-species assem-

blages on denitrification rates is the same as single

species assemblages, and (4) the N reduction which

occurs in a WWTP (i.e., very high N concentrations in

raw sewage decreased to moderate N concentrations in

effluent to the river) would have the same infrastruc-

ture cost as the N reduction that occurs in situ (i.e.,

reducing the moderate N concentrations the mussels

are exposed to in the river). For the first assumption,

we note that denitrification can be seasonally variable

including changes in temperature and NO3
- avail-

ability, although models of seasonal trends are lack-

ing. For the second, we calculated the dollar-value of

N loss across a range of more realistic L. complanata

and P. grandis densities (i.e., lower values) at the scale

of the entire river benthos, where the maximum was

our reach densities of 0.96 and 0.27 individual m-2,

respectively, and the minimum was 1% of each value

at the scale of the entire river (Fig. 5). Unionids in

mixed species assemblages could offer complemen-

tary effects on nutrient cycling via species-specific

patterns in feeding, excretion, and burrowing. How-

ever, the effects of mixed species on N cycling have

not been measured. Finally, WWTPs are designed to

reduce very high nutrient loads to moderate loads,

while mussel-enhanced denitrification in the river is a

more difficult task: to reduce comparatively low (but

still eutrophic) N concentrations to even lower con-

centrations. It’s possible that designing WWTP that

can enhance denitrification at lower N and C levels

may be more expensive than the values reported here,

thereby undervaluing mussels role in N removal

relative to infrastructure cost.

There are no data on mussel density or assemblage

at the river scale for the DuPage River, so we present

financial projections in Fig. 5 to inform the goals for

restoration or conservation of mussel taxa, and to help

place expenses in context of possible benefits across a

range of mussel densities. For example, one goal of

mussel restoration may be to increase denitrification

from sediment alone in the river by a factor of two (i.e.,

to double the amount of denitrification in the river).

This could be achieved if the entire river had*16% of

the mussel density measured at our study reach (0.16

individual m-2 L. complanata and 0.04 individ-

ual m-2 P. grandis at the river scale), which would

provide a value of approximately $18,000 year-1 in N

loss via denitrification (Fig. 5). This target mussel

density may be feasible, as Holland-Bertels (1990)

found 0.12 individual m-2 for L. complanata and 0.4

individual m-2 for P. grandis in the UpperMississippi

River (East Channel, Pool 10). Managers may be

Fig. 5 The annual cost for the construction and maintenance of

a wastewater treatment plant (WWTP) to treat the same amount

of nitrogen (N) as denitrified by Unionid mussels L. complanata

and P. grandis in the East Branch DuPage River. Dollar values

vary according to projections of mussel density at the scale of

the entire river, shown here where the maximum is the density at

the study reach (0.96 m-2 for L. complanata and 0.27 m-2 for

P. grandis). The horizontal dashed indicates the annual value of

N loss via sediment denitrification at the scale of the entire river

($18,078). The vertical dashed line indicates the L. complanata

and P. grandis densities required at the scale of the entire river to

double denitrification by sediment alone
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better positioned to find the political and economic

support for protection or restoration of mussel popu-

lations with economic projections of mussels’ ecosys-

tem benefits. However, we acknowledge our estimates

for the economic value of Unionid-mediated denitri-

fication are preliminary, and refinement will require

seasonal measurements of N fluxes, river-scale assess-

ments of bivalve density, and tests of single and mixed

species assemblages on sediment biogeochemistry.

Future studies can expand upon this empirical foun-

dation to contribute calculations for the ecosystem

services provided by freshwater mussel communities.
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